The forestry industry is known for negatively affecting stream quality when proper management is not applied.
Introduction
Forestry can adversely impact soil and stream water quality when it is not managed appropriately. For example, clear-cutting can cause soil loss that is exported into streams as sediment during the construction of roads for harvest (Huber, 2009; Frêne, 2010) . When the harvest is carried out close to riverbanks, stream bank erosion produces a larger input of organic matter and nutrients into streams, favouring the productivity of aquatic organisms (Thompson et al., 2009) . Loss of forest cover also decreases nutrient uptake, making more nutrients available for leaching into streams (Thompson et al., 2009 ). Fertilization at rates higher than those required by trees may also cause nutrient losses to the environment as a whole (Beltran et al., 2010) . These changes impair the exceptional water quality associated with either native forests or old plantations (Hedin et al., 1995; Baillie and Neary, 2015) . As precipitation decreases in many parts of the world (IPCC, 2007) , the supply of quality water required to meet human demands will be in jeopardy; thus any environmental practice that conserves this resource is essential for modern society (Jones et al., 2016) .
Site conditions where forestry activities are carried out can mitigate negative effects. For example, the role of soils in nutrient filtering has been previously highlighted, especially in those originated from volcanic ash. This is due to a tight nitrogen (N) cycle (Huygens et al., 2008) with scarce inorganic N losses to streams (Hedin et al., 1995) , high phosphorus adsorption due to the aluminum and hydrous oxide composition in amorphous clays (Alfaro et al., 2008; Fleige et al., 2016) , and high cationic exchange capacity associated to crystalline clays and the organic matter accumulation that predominates in riparian soils (Huertas et al., 2016) .
Several studies have also shown that the maintenance of native or exotic riparian vegetation (RV) along streamsides can buffer the negative changes caused by forest operations (Brosofske et al., 1997; Quinn et al., 2004; Boothroyd et al., 2004; Baillie and Neary, 2015) . Furthermore, increasing riparian widths has proven to increase stream protection regarding different biological and physical-chemical properties (Brosofske et al., 1997; Little et al., 2015) . Even though previous studies provide important information, most of them have used a comparative approach between catchments with/without RV or with different land covers (i.e., native forest versus exotic plantations), studying their influence on stream properties (the referencedifference method; Quinn et al., 1997; Cuevas et al., 2006; Quinn and Wright-Stow, 2008) . This ʽstaticʼ approach is usually carried out in watersheds that differ in relation to the factor under consideration (the land cover), nonetheless, since the other factors (e.g., geomorphology, soils) are not identical, a potential for confounding variables exists when analysing results. Since some watersheds were studied only after a clear-cut occurred (sometimes months or years afterwards), this type of analysis may not be capable of detecting transient effects that can be observed days or weeks after tree removal. Even though other researchers have studied patterns in the same watersheds before and after forest intervention, monitoring may not have occurred until months or even years after the disturbance (e.g., Brosofske et al., 1997; Quinn Nutrient and 
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Journal of Soil Science and Plant Nutrition, 2018, 18 (2), 576-596 et al., 2004; Boothroyd et al., 2004) . Few studies have maintained a high frequency record of stream properties before/after clear-felling (Huber, 2009; Frêne, 2010; Rodgers et al., 2011) .
Our objective was to monitor the same micro-watersheds before, during, and after a plantation fertilization and harvest, providing a detailed evaluation of the temporal dynamics of the nutrient and sediment losses under varying RV widths. Our hypothesis points out that when RV width increases, stream quality must show a lower variation after either plantation fertilization or clear-cutting. Concurrently, we monitored a control watershed that was not intervened. Thus, our ʽdynamicʼ approach was a combination of the reference-difference method and the before/after approach. The response variables selected include the principal nutrients that influence plant growth and aquatic productivity (Thompson et al., 2009) , while sediments were analysed since they are an indicator of soil erosion (Rodgers et al., 2011) . Moreover, losses of nutrients such as nitrogen and phosphorus are important indicators of the status of the biogeochemical cycles in soil and water, and they represent an intermediate link between ecosystem disturbances and the response of stream biological communities (Thompson et al., 2009) . In this regard, nutrients have not been previously evaluated with this dual methodological approach.
Materials and Methods

General location and site description
The selected study area is located in the Chilean Valdivian Rainforest Ecoregion. This region has not been impacted by chronic air pollution and is one of the most pristine areas worldwide, with extremely low atmospheric N deposition and nutrient concentrations in stream water (Hedin et al., 1995; Perakis and Hedin, 2002) . We studied five forested headwater catchments located within the Reserva Costera Valdiviana (RCV) (Figure 1 ). Between 1993 and 1999, 3000 ha of native forests in this area were clear-cut, burned, and converted into exotic Eucalyptus globulus plantations (Little et al., 2015) . 
Rainfall is concentrated mainly between June and
August. Summer (January-March) rainfall is limited, representing <10% of the annual value (Little et al., 2015) ; snowfall is rare.
The studied watersheds are located in the Coastal Range of Chile, which is composed of Paleozoic metamorphic rocks, partially overlaid by Tertiary marine sediments with a slope of 30°. In the western zone of RCV, outcrops of granitic intrusions from the Cretaceous period can be found (Sernageomin, 1982 (Huertas et al., 2016) .
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Watershed characteristics and land cover
The selected micro-watersheds ranged in size from 0.85 to 5.26 ha (Table 1) . They were categorized into two land cover types: (a) native forest, considering strips of differing widths along the main stream's channel (SNFW) and (b) 13-year-old (in 2008) fastgrowing exotic E. globulus plantations located in the remaining portion of the watersheds. The minimum SNFW at each side of the stream was 2.5 m (RC1), and the maximum was 22.5 m in RC10 (Table 1) .
These widths represent native forest remnants from past forest interventions that replaced the native cover with E. globulus. Plantations had a density of 1,300 to 1,700 trees ha -1 . This was the dominant land use in all of the watersheds ranging from 63% in RC10 to 98.7% in RC1, expressed as the percentage cover over the total watershed area (Table 1) . The native forests in this area were quite similar throughout the studied catchments, composed of evergreen broadleaved tree species that were young, but multi-aged with several strata. We found 26 tree species; the most common were The mean slope perpendicular to the stream fluctuated between 34 and 47% depending on the watershed (Table 1); most of them had principally eastern exposure, with the exception of RC1 (northern exposure).
Rainfall-runoff monitoring and computing
Precipitation was recorded during four hydro- Runoff was monitored using 90° V-notch weirs installed in each catchment outlet. Streamflow was derived from HOBO® pressure sensors (U20-001-01), using a 15-min resolution. The recorded water depths were converted into discharges by directly calibrating with jar and chronometer measurements, where both variables were related through power functions.
The rainfall/runoff coefficient (RR) was calculated by dividing the accumulated discharge of a given period by the accumulated rainfall in the same period, and then dividing the result by the watershed area. bottles were capped and shaken, and the water was then discarded. Thereafter, 500 ml samples were collected; the capped bottles were kept at cool temperatures (< 5 °C), and the samples were frozen within 10 h of being collected.
The chemicals analysed included: total nitrogen Detection limits were 1 μg l -1 (NO 2 --N, NO 3 --N, NH 4 + -N, and PO 4 3--P), 5 μg l -1 (total P), and 15 μg l -1 (total N, total dissolved N).
Sediment evaluations
From February portions were determined by burning them for 2 h at 550 °C, after which they were weighed and the difference was then calculated to determine each granulometric class (Folk, 1980) . Since the organic fraction corresponded to particulate organic matter, we abbreviated it as POM. The units for sediments were mg day -1 . To allow for a better comparison among watersheds, we divided the amount of collected material by the watershed area instead of the trap area.
Data analyses
Time series were constructed with nutrient and sediment data, which were compared among experimental watersheds and the control (RC6). The nutrient export (export = concentration * discharge/watershed area; units of mass time −1 area −1 ) was used as a response variable .
Sediment loads were also expressed in mass time For sediments, we divided the results into two periods: before and after the clear-cutting operation.
Within each watershed and for every grain size fraction analysed, we applied the Mann-Whitney test. We used a two-tailed test, which does not assume that the values observed after the clear-cutting operation must be higher than before harvest. All analyses were performed with Statistica® 6.0 software (Statsoft, Inc., Tulsa, OK, USA).
Results
Rainfall and discharge
Since The effect of rainfall on discharge (Q) was studied for each of the experimental periods. For example, the mean Q of RC1 from baseline to postharvest remained similar throughout this period ( Table 2 ). The other watersheds began with a given Q that then decreased throughout the AF3 and AF15 periods, but all recovered markedly postharvest. RC6 increased its Q 1.5 times, while RC5, RC10
and RC11 increased their Qs 2.4 times.
The relationship between Q (extrapolated to the duration of each experimental period), rainfall and watershed area (rainfall/runoff coefficient, henceforth referred to as RR) showed a decrease in RC1.
RC6 scarcely increased its RR. The other three watersheds showed less variation throughout most of the study, but all of them clearly increased their RRs between AF15 and postharvest. 
Response to fertilization
The time series of all nutrients studied (Figures 3a to   3f ) showed that in all cases there were export fluctuations that were season related: there were higher exports in the winter and at the beginning of spring, and lower exports throughout the remaining seasons.
However, superposed to this pattern there were also variations within a season, driven by specific rain events that can occur at any time of year. (a) SE = standard error of the average. (Table 3) .
DON responded to fertilization (Figure 3c ) in RC1, increasing by 17 times and in RC10 by eight times. The other catchments showed scarce variations, with increases of 1.3-2.3 times. Over the long term (AF3, AF15), the response to fertilization was not significant (Table 3) .
All catchments had similar dynamics in relation to
PON exports during the pre-fertilization period (Figure 3d) . Immediately after the addition of nutrients, the exports peaked: RC1 increased 8 times, RC6
twice, RC10 25 times, RC5 9 times and, RC11 30
times. Over the long term, no significant increases after fertilization were observed, except in RC10 and RC11, which varied greatly between the baseline and AF15 (Table 3) .
PO 4 3--P exports in RC1 increased four times immediately after fertilization, while the other catchments responded less to fertilization (1.4-3 times) (Figure 3e ).
This effect did not sustain itself over the longer term in any of the catchments (Table 3) .
Total P (which includes PO 4 3--P) increased eight times in RC10 immediately after fertilization, while the other watersheds fluctuated among increases of 1.4-3.3 times (Figure 3f ). No differences regarding total P were detected over the longer term (Table 3) .
Response to harvest
After harvest, there were large increases in nitrate exports surpassing 1 mg m −2 day (Table 3) . This is clearly seen in Figure 3b (green and orange curves), while preharvest all of the evaluated watersheds were very similar in terms of their ammonium losses.
After harvest, DON increased significantly in RC5
(five times) and RC10 (3.6 times) (Table 3) . Although Table 3 ).
PO 4 3--P exports in RC1, RC6, and RC10 did not respond to the harvest, while the remaining catchments significantly increased these exports, by 2.9-3.8 times (Figure 3e , Table 3 ). After the harvest, RC1 exported less PO 4 3--P than AF3, but these PO 4 3--P exports were not significantly different from AF15. Finally, the total P exports in RC6 showed no significant response postharvest. On the other hand, RC1 exported less total P after the harvest than at the baseline and AF3, but RC1's lower total P exports postharvest were the same as those recorded AF15 (Figure 3f , Table 3 ). The three other catchments significantly increased their export by 3-4 times.
After harvest, with the exception of nitrate, all of the studied catchments had a similar response magnitude regardless of the streamside native forest width.
Sediment rough exports
Temporal series showed large fluctuations in sediment exports both in the preharvest period, as well as after the clear-cut period (Figure 4 ).
POM-gravel exports were highest in RC10 and RC11 throughout the study (Figure 4a ). With the exception of RC1, this fraction increased in all evaluated watersheds after the harvest. The ratio of change was greatest in RC6 (14 times), while in the other catchments it increased 4-5 times (Table   4 ). Silicicoclastic gravel presented a similar pattern ( Figure 4b ). Export (mg day (a) SE = standard error of the average.
(b) t s = Studentʼs t statistics calculated for a Mann-Whitney test.
(c) p = probability for a two-tailed test.
(d) POM = particulate organic matter of a specific granulometry.
POM-sand exports were quite similar among watersheds and relatively parallel over time (Figure 4c ).
Exports almost doubled after the harvest (Table 4) . Inorganic sand showed similar dynamics to the organic fraction (Figure 4d) , and significant differences were observed in all of the watersheds after the clearcutting operation (increases of 2.2-5.7 times), except for RC1 (Table 4) . Furthermore, this was the most abundant of all the grain size classes detected.
Mud had similar values for all evaluated catchments, and only sporadically did RC1 export more sediment (Figures 4e, f) . When significant changes were detected before/after harvest, the ratio of change was 1.3 to 2.5 times more (Table 4 ).
In several cases (Figures 4c, d , e, f), RC1 showed very large exports, but this was not enough to produce a significant difference in response to clearcutting, compared to the other watersheds. Moreover, in most cases no consistent difference was detected in relation to the magnitude of variation in experimental versus control catchments. No relationship regarding the SNFW was detected either.
Discussion
Element exports
Usually, these kinds of studies employ the concentration and/or export as response variables. However, similar stream concentrations before and after an ecosystem disturbance do not necessarily indicate a lack of response, unless precipitation/discharge have not changed from the baseline to the treatment. More frequently, changes in discharge may imply that the watershed needs to lose more or less elements to maintain the original nutrient concentration. Therefore, we preferred to use exports in our analyses, given that the discharge factor considers the influence of land cover, land cover change, and rainfall. For the same reason,
we assessed the possibility that export variations over time can result from varying rainfall/discharge patterns rather than land cover changes. In our study, annual rainfall showed some increases from one year to the next, but they were generally weak to moderate (7-30% increase), making it difficult to explain all of the fluctuations in exports, before/after the experimental treatments, in terms of precipitation only. In general, discharge also clearly increased after the harvest.
The use of the rainfall/runoff coefficient allowed discharge to be expressed per unit of precipitation, concluding that after harvest there was a drastic increase in Q, which was not exclusively explained by rainfall, but also by land cover change. This pattern could be associated with the clearing of the evapotranspirating plantations and the elimination of rain interception
by their canopies, as demonstrated by several studies (e.g., Iroumé et al., 2006; Winkler et al., 2017) . Even some RRs were above the theoretical maximum value of 1.0. Frêne (2010) found this pattern for specific months over the summer in the Bío Bío Region in
Chile. The explanation may have to deal with i) cloud/ fog water contributing to the precipitation input of the catchments, an input that is frequent in the study site, but could not be quantified with our conventional rain gauges (see also Bruijnzeel, 2001) ; ii) our RRs were not calculated for annual periods, but for 3 or 14-16 month periods. Therefore, when evaluating long periods with streamflow, but with little rain, it is perfectly possible to surpass the value of 1.0.
Moreover, to further assure that our study reflected the effect of disturbances, rather than the effect of precipitations, we compared the behaviour of experimental watersheds with a control located in the same climatic zone. The analysis confirmed that the control watershed increased its Q and RR much less than the harvested catchments. In other words, the net nutrient losses were caused by the disturbances applied to the experimental catchments.
Response to fertilization
In general, all nutrients analysed showed similar dynamics in a temporal dimension, driven by seasonal precipitation trends: higher losses during rainy seasons and lower losses during dry seasons.
The pattern replicated itself on shorter timescales (days, weeks), when rain events stimulated nutrient releases and discharges, which together explain the higher exports. Given the prevailing occurrence of precipitation in the studied region (Figure 2 ), a sudden release of nutrients can be produced in any season when rain influences streamflow by surface, subsurface and/or groundwater flows. In fact, Little et al. (2015) found that precipitation over the last 15 days is a good predictor stream of nutrient concentrations observed on the day of sampling.
In the short-term, some catchments and nutrients re- RC11 when compared to RC1 and RC10. Thus, nutrient release differences seem to be associated with fertilizer movement (calcareous ammonium nitrate and triple superphosphate) on the rainy days that followed or accompanied the fertilization processes, in accordance with the observations made by Beltran et al. (2010) . However, the rainfall pattern does not explain the higher PON losses that were observed during the same periods. Since all applied fertilizers were inorganic, this result suggests that inorganic N was taken up by soil or aquatic microorganisms between the day of fertilization and the day of peak export in the stream (a lapse of 2-14 days), resulting in increased PON exports.
A concluding evaluation about the source of N and P in streams would require further knowledge regarding the proportion of nutrients attributable to fertilizers, versus those in the soil pool, with stable isotopes for instance (Bateman et al., 2005) . Notwithstanding, a simple calculation of the losses from our export series during the first month after fertilization showed that N was released at rates of some hundreds of grams, while P was released at rates of some dozens of grams (data not shown). These values are very low compared to the 63 and 45 kg ha −1 applied as N and P, respectively. Thus, our results suggest that only a small proportion of the fertilizer was lost during the days or weeks following the application. In a broader evaluation, considering a long-term time scale (3-15 months after fertilization), no significant effects were detected for most watersheds and nutrients analysed. The exceptions were RC10 and RC11, which increased their PON exports when AF15 was compared with the baseline. As previously mentioned, this may be an indirect effect of fertilization. Thus, in the long-term the fertilization treatments applied here showed no major, direct effect in any of the analysed watersheds in relation to the evaluated nutrients. This differs from other studies (Beltran et al., 2010 (Hedin et al., 1995) . This is the case with the non-symbiotic N fixation (Pérez et al., 2003) and N mineralization in pristine soils (Pérez et al., 1998) . More recently, other processes have been reported to immobilize N in soils: microbial absorption and nitrate immobilization in soluble organic nitrogen fractions of the soil (Huygens et al., 2008) . Thus, plants and microorganisms readily use the low N soil levels, with scarce inorganic losses to streams over the long-term.
Regarding the Olsen P tests, their values were also very low in the studied soils. This can be a consequence of the high P adsorption due to the aluminum and hydrous oxide composition in amorphous clays (Alfaro et al., 2008) . The low soil pH accentuates this pattern because of the aluminum solubilization in acidic soils. In fact, Meyer (2016) found evidence of the dominance of such clays (allophan and imogolite)
in the lower horizons of soils located 3 km from our study site.
Response to harvest
Most nutrient exports were clearly higher in the harvested watersheds, especially when comparing AF15
with postharvest. Since RC6 showed no significant variations during the period when other watersheds were being cut, it represents an adequate control to evaluate the effect the harvest had on the experimental catchments. RC1 (an intervened watershed with the lowest SNFW) behaved atypically because it never responded to harvest. This is probably a consequence of the low RC1 area (0.85 ha) compared to the other catchments that were up to six times larger. This means that the area of denuded soil that could contribute to exports with nutrients and sediments was very small compared to the other catchments. In other words, the change of vegetation in RC1 had no significant effect on stream properties most likely due to an issue of spatial scale. The postharvest decrease in NH 4 + -N and total P exports in RC1, compared to these exports at the start of the study, could be due to the decreasing discharge (Table 2) .
Postharvest PON exports were no different than those observed AF15 in all of the harvested catchments that responded to clearcutting. Nonetheless, postharvest PON exports in these watersheds were higher than those at the baseline, suggesting that the loss observed was a pattern present prior to harvest.
Other studies summarized in Baillie and Neary (2015) showed that stream nutrient concentrations increased after clear-cut, especially nitrate. Total phosphorus showed little response and, in other cases, harvesting had no effect on the streams associated with good management practices.
Sediment rough exports
Sediments also showed large temporal fluctuations, driven by rain events. Most watersheds showed a significant increase in their accumulation of sediments after the plantation harvest (even the control), for all of the grain sizes evaluated. This means that the variations of sediment exports are also a consequence of the internal dynamics of the catchments. The only exception was the smallest watershed, RC1, which showed no significant variations for any of the evaluated fractions. Interestingly, RC1 showed some large fluctuations on specific dates (both before and after harvest), which suggests that it has the potential to release sediments.
Since, in general, no differences were observed in the responses of the experimental catchments versus the control, we conclude that harvesting produced no major effect on stream sediments.
Our results differ from those obtained by Huber Moreover, SNFW did not play any role in discriminating catchments regarding their sediment exports, and it is clear that the higher losses occurred in the seasons and periods with high rainfall. Nutrient losses can occur overland, at a subsurface level or as part of the groundwater flow. These cannot be discriminated by using our experimental protocol, but the absence of differences in the sediment response among watersheds suggests that the extra release of nutrients in harvested sites was produced by subterranean flows.
Role of riparian vegetation
There is a substantial amount of literature dealing with the buffering effect of riparian vegetation strips (reviewed by Lowrance, 1998) . Several studies agree that an increasing SNFW improves the efficiency of the buffer effect (Brosofske et al., 1997; Little et al., 2015) . However, in our study, with the exception of nitrate, all of the evaluated catchments had a similar response magnitude, which was irrespective of the SNFW. Thus, our hypothesis was not fulfilled. This could be due to the narrow range of riparian widths available (14.8-22.5 m), given that RC1 could not be considered in the analysis because its pattern of variation differed from the other catchments, and RC6 was the control.
The studied watersheds were logged in the 1990s when the current regulations were not explicit regarding the maintenance of buffer zones with a specific width (Decreto Ley 701/1974 , Law 18959/1990 Romero et al., 2014) . This explains why no wider SNFWs were observed in the study zone. Presently, the Chilean regulations require a 5-30 m width, depending on the stream cross section and the terrain slope, and include strips that must not be intervened in addition to areas with limited management (Diario Oficial, 2011).
Most nutrients were lost at higher rates than before harvest, even in the presence of a streamside native forest, and at higher rates than in the control watershed, casting doubts on the effectiveness of this mitigation practice. Our results support Little et al.'s (2015) finding in this same study site, where they determined that 22 m was not enough for nitrate concentration to be comparable to a reference watershed with c. 100% native forest. According to Little et al.'s (2015) study, a SNFW of 36 m could adequately filter some sediment fractions and nutrients. Therefore, our results support claims for a higher SNFW than that which can be applied according to the Chilean law.
Concluding remarks
A combination of monitoring several watersheds before/after disturbance and a comparison with a non-disturbed watershed proved useful to document changes in stream quality (nutrients and sediments) caused by fertilization and harvest of exotic Eucalyptus plantations. An effect associated with the moment of fertilization was observed immedi-ately following nutrient addition during a rainy period, but over the long-term, no significant effect was observed. In contrast, clearcutting released substantially more nutrients than those detected in the control watershed, during a longer time period.
Sediments did not present a strong pattern in response to harvest compared to the control. Most change was attributed to the rise in discharge produced by rain increasing from one year to the next, and mainly by the increase of the rainfall/runoff coefficient due to plantation clearing.
Streamside native forest width played no role in differentiating the response of watersheds. In addition, our results suggest that SNFW under 22 m are not enough to avoid the extra nutrient losses associated with harvesting, as they do for sediments, and support claims for wider widths.
This study monitored five watersheds throughout a four-year period and therefore constitutes an improvement to classical paired watershed studies that only use two catchments.
